Microalgal blooms can result from anthropogenic nutrient loadings in coastal ecosystems. However, differentiating sources of nutrients remains a challenge. The response of phytoplankton and benthic microalgae (BMA) to nutrient loads was compared across tropical tidal creeks with and without secondary treated sewage.
Introduction
Anthropogenic nutrient loading of coastal waters is considered a major pollution problem globally (Vitousek et al., 1997; Howarth et al., 2002; Halpern et al., 2008) . In heavily populated areas, sewage can contribute a substantial proportion of the nutrient inputs to coastal waters and is typically in forms conducive to stimulating primary production. Current projections are that the world's human population will continue to increase by 1 to 2% y -1 (Cohen, 2003) , thus the enrichment of coastal waters with nutrients will likely continue to escalate in years to come. The impact of anthropogenic nutrients on coastal waters is expected to be greater in the tropics than at higher latitudes (Downing et al., 1999; Halpern et al., 2008 ) since higher yearround water temperatures fuel higher rates of biogeochemical processes. Additionally, many developing countries are in the tropics, with large human populations and little or no treatment of sewage.
Coastal waters are typically nitrogen limited (Ryther and Dunstan, 1971) . Therefore excessive nitrogen loads can stimulate excessive rates of primary production and a higher incidence of harmful algal blooms (Beman et al., 2005; Anderson et al., 2008; Bauman et al. 2010 ). This has flow-on effects to a range of biogeochemical processes and food webs (Mackenzie et al., 2002; Jennerjahn et al., 2004; Smith et al., 2012) .
The scale of the effect of sewage nutrient loadings is affected by the hydrodynamics of the receiving waters. Typically longer water residence times lead to more symptoms of eutrophication, due to less dilution and a resulting reduction in nutrient concentrations and phytoplankton biomass (e.g. Cloern, 2001) .
Determining the response of aquatic systems to sewage inputs is often confounded by simultaneous and periodic inputs of non-point sources of nutrients, such as runoff from urban and agricultural land. Use of sewage-specific markers is one mechanism for differentiating the effect of sewage on ecosystem responses compared with other sources. Stable nitrogen isotopes in macroalgal bioassays have been used as a sewage marker in an Australian coastal bay (Costanzo et al., 2001 (Costanzo et al., , 2005 . Additionally, the sterol, coprostanol (5β(H)-cholestan-3β-ol) has proven to be a successful indicator of 4 faecal pollution, e.g. sewage, in many coastal environmental studies (e.g. Goodfellow et al., 1977, Leeming and Peng et al., 2002) .
A recent study by Smith et al. (2012) examined the effect of sewage nutrients on a range of biogeochemical processes in tidal creeks in a tropical harbour. They found that sediment nutrient fluxes increased and denitrification efficiency decreased in response to increased nutrient loads in creeks receiving sewage. The effect in these processes was greater than for a suite of other biogeochemical processes. Our study will compare these same creeks for the effect of sewage nutrients on algal measures.
Specifically, we tested the hypothesis that sewage nutrients would differentially affect the phytoplankton and BMA communities, in terms of primary productivity, biomass and species composition.
Methods

Study Area
The study was undertaken in three tidal creeks in Darwin Harbour, northern Australia ( Fig. 1) . Two of the creeks received secondary-treated sewage inputs from sewage treatment plants (Myrmidon Creek (MC) in East Arm of Darwin Harbour, and Buffalo
Creek (BC) in Shoal Bay). There was also one unnamed creek with no sewage inputs (herein referred to as Reference Creek, RC). Darwin Harbour is in the wet tropics, with a hot wet season (December to April) and a cooler dry season (May to November). The mean annual rainfall is 1719 mm with 64% of this falling between January and March, and mean monthly maximum water temperatures are similar throughout the year ranging from 30 to 33ºC (McKinnon et al., 2006) . The harbour is macro-tidal (maximum tidal range of 7.8 m) and strong currents of up to 2 m s -1 . The harbour is fringed by dense mangroves and during low tide, extensive intertidal mudflats are exposed.
Sediment and water column sampling was carried out at a range of sites in the three tidal creeks on the ebb tide. RC and MC have a similar geomorphology with predominantly straight channels, widening downstream (Fig. 1a, b) . At low tide, intertidal mudflats, several metres wide, are exposed along the length of the creeks.
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BC consists of a long, narrow channel with large meander bends at the downstream end (Fig. 1c) . A large intertidal sand bar across the mouth inhibits tidal movement.
RC was considered to be near-pristine, based on studies by Smith et al. (2012) and during the study the treated sewage effluent was being discharged into the mangroves close to site MC1 (Fig. 1b) . MC had flushing times of between 0.3 and 0.6 d for spring and neap tides respectively. BC received 79 t TN y -1 and 43 t TP y -1 and the treated sewage effluent was discharged into dense mangroves at the upstream end of the creek (Fig. 1c) . The flushing times in BC near the sewage discharge site ranged between 1.6 and 4.8 d (Smith et al., 2012) . The sewage discharge was gravity-fed, i.e.
at high tide there was no flow, and at low tide there was maximum flow. ) were determined from sediment cores (7.3 cm dia.) collected from two sites in each creek using a push corer, and the corers sealed. Cores were stored in the dark at ambient temperature. Within a few hours of core retrieval, sediment from 1 cm depth intervals was extruded and subsampled for porewater extraction and porosity. Porewater was extracted by centrifugation (18,000 g, 10 min) and supernatant water was filtered (0.45 µm membrane filter) and frozen until analyzed. Porosity was determined on a subsample by weight difference between wet and dry sediment following freeze-drying.
Porewater nutrient concentrations per volume of wet sediment were calculated for each 2 cm depth interval in a core by accounting for the porosity. The porewater inventories for each nutrient were then calculated for a 10 cm sediment depth. Sediment samples for sterol (coprostanol) analysis were extracted quantitatively by a modified one-phase dichloromethane-methanol method of Bligh and Dyer (1959) .
Analytical Methods
Dissolved inorganic nutrients (NH
After phase separation, the lipids were recovered in the lower CH 2 Cl 2 layer (solvents Gas chromatography (GC, Varian 3800) was run interfaced with chromatography software (Galaxy). The gas chromatograph was equipped with a 50 m x 0.32 mm i.d.
cross-linked 5% phenyl-methyl silicone (HP5) fused-silica capillary column;
hydrogen was the carrier gas. Sterol fractions were analyzed using a flame ionisation detector (GC-FID), with 5(H)-cholan-24-ol (Chiron AS) as the internal standard.
Peak identifications were based on retention times relative to authentic and laboratory standards and subsequent GC-mass spectrometry (MS) analysis.
Verification of the identity of individual sterols by GC-MS analyses was performed on a bench top mass spectrometer (Thermoquest GCQ-Plus) fitted with a direct capillary inlet and a split/splitless injector. Data were acquired in scan acquisition or selective ion monitoring and processed using software supplied with the instrument (Xcalibur). The nonpolar column (HP5) and operating conditions were similar to that described above for GC-FID analyses, but helium was used as the carrier gas.
Water column and sediment primary productivity
Water column primary production was measured using 13 C-uptake incubations as per Burford et al. (2011) . Triplicate water samples were incubated at 0, 5, 14, 25, 50 and 100% of surface light using shade bags of the appropriate light attenuation.
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Csodium bicarbonate ( 13 C 99%, Cambridge Isotope Laboratories) was added to bottles to give a final enrichment of between 3 and 5% of the total bicarbonate concentration.
The bottles were incubated with flowing water at ambient water temperature around midday for 2 to 3 h. Known volumes of water from the bottles were filtered onto precombusted glass fibre (Whatman GF/F) filters, and the filters were frozen.
8 Sediment cores (4.5 cm dia.) were collected at each site for measurement of 13 Cuptake by BMA. Capped cores were transported with overlying water from the study site were used. Triplicate cores at each site were incubated at 100% of surface light.
C-sodium bicarbonate was added to bottles to give a final enrichment of between 40
and 50% of the total bicarbonate concentration to the overlying water. Incubation conditions were the same as for the water column samples. The top 2 cm was sliced off each core and frozen until analyzed.
Filters from the 13 C-uptake incubations were dried at 60ºC for 24 h before being analyzed for 13 C/ 12 C ratio and % carbon on a MS (GV Isoprime). Areal primary productivity rates were determined using the methods of Burford et al. (2011) .
Sediment cores from benthic 13 C-uptake incubations were processed in the same way following treatment with 6N hydrochloric acid to remove carbonates. For BMA, only maximum primary productivity (P max ) was calculated.
Algal nutrient bioassays
Surface water samples were also collected for algal nutrient bioassays using the methods of Burford et al. (2011) . The assays involved pouring water into polycarbonate bottles with four treatments: control, nitrogen, phosphorus and nitrogen + phosphorus addition. There were three replicate bottles of each treatment.
Ammonium chloride was added as the nitrogen treatment; potassium dihydrogen phosphate was added as the P treatment. The ambient NH 4 + concentration was assumed to be 1 mol L -1 and the ambient PO 4 3-concentration was assumed to be 0.2 mol L -1 , and nutrients were added at ten times the assumed ambient concentrations.
Bottles were incubated with in a tub with flow-through water under 50% shadecloth in ambient light for 24 h. Bottles were then stored in the dark for at least 20 min prior to reading the photosynthetic yield response (Fv/Fm) using a PHYTOPAM (Heinz Walz GmbH, Effeltrich, Germany) (Ganf and Rea, 2007) . Two readings were taken from each bottle.
Statistical methods
The algal data (water column and sediment chlorophyll a and degradation pigments, sediment P max , depth integrated primary productivity) violated the assumptions of normality. Data were therefore analyzed using a non-parametric Kruskall-Wallis test 9 (SAS software) to compare creeks. For the algal nutrient bioassays, data were tested for normality, then treatments were compared with an unpaired t-test (SAS software).
Algal marker pigments were compared between sampling occasions and creeks using Principal Component Analysis (PCA) graphs (PRIMER).
Results
Mean water temperatures across all three creeks ranged from 29.4 to 31.4C across the study ( Fig. 2a , Table 2 ). There was also a statistically higher concentration of degradation pigments in BC compared with MC and RC. The mean sediment chlorophyll concentrations in MC and RC were 2.74 and 2.76 g g -1 ww respectively with a high proportion of the total chlorophyll, i.e. 22-64%, being degradation pigments (Fig. 2b) . Sediment chlorophyll a concentrations were statistically higher in BC than MC and RC ( (Fig. 3a) . The first axis of the PC1, largely driven by fucoxanthin, explained 81% of the variation in the proportion of algal pigments across creeks and sites within creeks.
In the sediment, fucoxanthin also dominated the pigments in RC and MC on both sampling occasions (Table 4) . The first axis, PC1, again largely driven by fucoxanthin, explained 77% of the variation (Fig. 3b) .
Depth-integrated primary productivity rates in the water column were statistically higher in Buffalo Creek than the other two creeks ( (Fig. 4b ). There was a statistical difference between RC and BC, and BC and MC, but not between MC and RC (Table 2 ).
In RC, the photosynthetic yield (Fv/Fm) of phytoplankton increased with nitrogen, and nitrogen plus phosphorus additions in nutrient bioassays at all sites and both sampling occasions (Fig. 5a ). There was a response to nitrogen, and nitrogen plus phosphorus at the downstream sites at MC. However there was no yield response to nutrients at the site nearest the sewage outfall site in October 2007 while in March 2008, there was a response to nitrogen plus phosphorus. At Buffalo Creek, data was only available for one site nearest the outfall but there was no yield response to nitrogen and/or phosphorus. In the case of BMA bioassays, there was no yield response to nitrogen and/or phosphorus addition in any creek with the exception of a response to nitrogen plus phosphorus at RC1 in March 2008 (Fig. 5b) .
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The sewage marker, coprostanol, was at a higher range of concentrations in BC compared with RC and MC. It was highest in BC at the sewage outfall site, decreasing linearly with distance from the outfall (Fig. 6 ). In MC, concentrations were highest just upstream of the outfall site, decreasing to a background concentration by MC1. In RC concentrations were comparable with the downstream concentrations in MC.
Coprostanol concentrations were highly correlated with NH 4 + (Fig. 7a ) and PO 4 3- (Fig   7b) concentrations in BC (R 2 = 0.98 and 0.88 respectively). There was a weaker correlation between coprostanol and both NO 2 -+ NO 3 -and chlorophyll a (R 2 = 0.53 and 0.35 respectively).
Discussion
This study found that higher nutrient concentrations in the tropical tidal creeks were the result of sewage loading. The tidal creek with sewage outfall discharging 79 and 43 t TN and TP y -1 (BC) had higher concentrations of a sewage marker, coprostanol, than a creek with no sewage inputs. These concentrations decreased linearly downstream. In contrast, a tidal creek receiving comparable loads of TN but with flushing rates 1.5 to 2 times higher (MC), only had higher coprostanol concentrations near the discharge site. Coprostanol has been used in a range of studies to track sewage in aquatic systems (e.g. McCalley et al., 1980 , Peng et al., 2002 . Additionally, it has been proposed that linking algal blooms with coprostanol concentrations provides a means of differentiating nutrient source effects .
Consistent with many other studies in coastal systems, our study found that nitrogen was a limiting nutrient for phytoplankton (Ryther and Dunstan, 1971) . This was based on a positive photosynthetic yield response in short-term bioassays. This method has proven useful in identifying nutrient limitation in previous studies (Ganf and Rea 2007; Burford et al. 2011) . A previous study in Darwin Harbour has also shown that the harbour as a whole was nitrogen limited (Burford et al., 2008) . Therefore our results were as expected, i.e. nitrogen additions stimulated photosynthetic yield responses where sewage nitrogen was undetectable, while reverse was true at sites where sewage nitrogen was detectable. In contrast, BMA did not respond to nitrogen 12 additions (or phosphorus), suggesting that nutrient reserves in the sediment were sufficient for growth and that other factors play a more important role.
Sewage nutrients increased primary productivity rates by phytoplankton, but not BMA. Phytoplankton productivity rates were high in the creek receiving the highest sewage loading and having the lowest tidal flushing (BC) compared with the harbour as a whole (Burford et al., 2008) . Rates were comparable with those in eutrophied tidal creeks and estuaries in other areas of the world (Rivera-Monroy et al., 1998; Trott et al., 2004) . The creek without sewage nutrients (RC) had primary productivity rates lower than both the harbour as a whole (Burford et al., 2008) , and other tropical coastal waters (Ram et al., 2003; McKinnon et al., 2010) . The creek with a similar flushing rate to RC, but receiving sewage inputs (MC), also had similar rates of primary productivity to RC, even near the site of discharge. This demonstrates that tidal flushing plays an important role in minimizing the effect of algal growth.
Another study on the tidal creeks on our study found that sewage nutrients substantially increased sediment nutrient fluxes and decreased sediment denitrification efficiency (Smith et al., 2012) . The combination of these two processes provided a feedback loop stimulating phytoplankton productivity, i.e. high phytoplankton productivity as a result of sewage nutrient inputs resulted in a higher detrital load on sediments, creating anoxia and nutrient remineralization which further stimulated phytoplankton growth. Reduced denitrification efficiency meant that nitrogen is conserved within the creek for a longer period, compounding the effects (Smith et al., 2012) . The response to eutrophication measured in BC is consistent with broadly accepted models of eutrophication, e.g. Nixon (1995) , Cloern (2001) .
Despite the lack of increase in primary productivity in the BMA in response to sewage nutrients, chlorophyll a concentrations were higher for both BMA and phytoplankton. However, this was only the case in BC which had the lowest tidal flushing rates. The contrasting effect of sewage nutrients on primary productivity versus chlorophyll a concentrations may be because the high BMA biomass resulted in self shading, therefore reducing light availability for primary production. A study in an estuary in North Carolina, USA also showed an increase in BMA biomass in response to nitrogen and phosphorus, with a greater response to nitrogen loading 13 (Piehler et al. 2010 ). Conversely, a study of primary productivity responses of BMA to sewage nutrients in eutrophic estuaries in Alabama, USA, which found that increased nutrient concentrations had little effect on primary production (Stutes et al. 2006 ).
Our study found no differences in phytoplankton group dominance, as measured by HPLC pigments, between creeks with and without sewage nutrients. Consistent with many tropical coastal waters around the world, diatom/golden brown flagellate pigments dominated with silicate concentrations sufficiently high to support diatom growth (e.g. Burford et al., 2005 , Madhu et al., 2010 . This contrasts with Hu et al. (2008) who found a historical increase in coprostanol concentrations in sedimentary records offshore from Hong Kong, as a result of human sewage inputs, which coincided with increased incidences of red tides, i.e. blooms of dinoflagellates, which contain the pigment, peridinin. An increase in red tides as a result of anthropogenic nutrients has been observed in a number of countries (Chen et al., 2010; Bauman et al., 2010; Glibert et al., 2012) . Despite the lack of effect of sewage nutrients on phytoplankton dominance in our study, we found some evidence of a broader group of algal classes dominating in the BMA in the sewage creek (BC) compared with the other creeks.
Our study found that the scale of effect of sewage nutrients on algal measures appears to be affected by the water residence time in the tidal creeks. The two creeks received comparable nitrogen loads but the flushing rate in MC was 1.5 to 2 times higher in comparison to BC. There was localized detection of the sewage marker, coprostanol and changes in a range of algal measures, only near the point of discharge in the creek with the highest flushing rates (MC). In contrast, coprostanol and algal measures were higher throughout the creek with a longer residence time (BC). Other studies have found that longer water residence times lead to more symptoms of eutrophication (e.g. Cloern, 2001 ). However, our study provides a link between the scale of nutrient loading and water residence times, and the scale of algal response.
It is acknowledged that our sampling design only included one sampling trip to BC in the wet season, compared with two trips to the other creeks (one in the wet, one in the dry). A study by Smith et al. (2012) compared the rates of biogeochemical processes 
